Abstract Using mass budget and hydrological models, we quantified the contribution of major diffuse nitrogen (N) sources to surface water loading in a large heterogeneous catchment (upper Vltava river, Czech Republic, about 13,000 km 2 ) over the last 52 years. The catchment reflects the typical development in central and eastern European countries, which witnessed socio-economic shifts from a market to a planned economy in the 1950s and back to a market economy in the 1990s. The former shift was accompanied by increasing N inputs to agricultural and forest areas with ranges for the 1950-1980s of 60-160 and 14-30 kg ha -1 year -1 , respectively, and with intensive draining of waterlogged farmland. The shift in the 1990s resulted in *40 and *50 % reduction of N inputs to agricultural areas and forests, respectively, and farmland draining ceased. The N exports from agricultural land (E AL ) and from forests (E FO ) varied within 3-45 and 1.6-7.1 kg ha -1 year -1 , respectively (with maxima in the 1980s). The E AL and E FO fluxes exhibited several similar patterns, being dominated by NO 3 -N, increasing with N inputs, and having similar inter-annual variability related to hydrology. The N losses from forests were stable (19 % of N input on average), while those from agricultural land increased from *10 % in the 1960s up to 32 % in the 2000s, due probably to the previous extensive drainage and tillage of waterlogged fields and pastures. These land use changes reduced the water residence time in agricultural land and induced mineralization of soil organic matter. Continuing mineralization of soil organic N pools thus was the most probable reason for the remaining high E AL fluxes despite a *40 % reduction in N inputs to agricultural land, while the E FO fluxes decreased proportionally to the decreasing N deposition during 1990-2010.
Introduction
Even though the anthropogenic mobilization of reactive nitrogen (N) forms (Nr, mostly nitrogen oxides, nitrate, ammonia and ammonium) is as old as human history, it has become a serious threat to freshwater and coastal marine ecosystems since the mid-twentieth century, when anthropogenic Nr emissions greatly increased as a result of the rapidly increasing population and production of food and energy (Galloway et al. 2004; Sutton et al. 2011) . The elevated deposition of N oxides and ammonium, originating from high-temperature fossil fuel combustion and livestock production, caused N saturation of numerous northern-hemisphere forest ecosystems and elevated losses of NO 3 -to surface waters (e.g., Vitousek and Reiners 1975; Dise and Wright 1995) . Similarly, the increasing use of synthetic N fertilizers, the draining and cultivation of waterlogged meadows and their conversion to arable land caused a great increase in NO 3 -export from agricultural land (e.g., Kristensen and Hansen 1994; Randall and Goss 2008) . In addition to these diffuse sources, N loading of surface waters from point sources has increased over the last century due to the increasing population and its proportion attached to sanitary systems without waste water treatment plants that effectively remove N (Kristensen and Hansen 1994) . As a result, N concentrations in many central European rivers and the N loading of receiving coastal waters have greatly increased, especially during the period (e.g., Procházková and Blažka 1986; Kronvang et al. 2008) .
To reverse these undesirable trends in water pollution, catchment managers are combating N pollution from both point and diffuse sources, a task requiring knowledge of the importance of individual N sources and the complex mechanisms governing N losses from them (Delgado and Shaffer 2008; Kronvang et al. 2008) . It has long been understood that the first step to effective management strategies and policies for mitigating high N inputs to receiving waters is a diagnosis and quantification of major N sources in (especially heterogeneous) catchments. The magnitude of N exports from individual catchment sources and their relative proportion to the total N (TN) loading of surface waters have been continuously changing in Europe since the 1950s, reflecting the development of sanitary systems, the availability of N in agricultural land (i.e., changes in external and internal soil N sources), and the changes in atmospheric N deposition to forest areas. The most dramatic changes in N loading of terrestrial ecosystems have occurred in central and eastern European post-communist countries (Kronvang et al. 2008; Kopáček et al. 2012) , which experienced two contrary changes in the socio-economy during the second half of the twentieth century: a shift from a market to a planned economy after the Second World War, and back to a market economy in the early 1990s.
The aim of this study is the long-term quantification of individual N sources to the surface water pollution in a large heterogeneous catchment in central Europe on the basis of statistical data and long-term monitoring of N concentrations at the catchment outlet. The upper Vltava river catchment (Czech Republic) has experienced pronounced changes in N inputs to and losses from forest and agricultural areas over the last five decades. First, we evaluate a 52-year long time series of N export from the catchment, using hydrological, mass budget, and dynamic models to quantify N losses from diffuse sources and to distinguish between N originating from forest and agricultural areas. Second, we show how trends in terrestrial N losses responded to greatly changing N inputs to both terrestrial ecosystems. Finally, we estimate the contribution of major N sources (forest, agricultural land, sanitary systems) to the riverine N loading during the study period.
Methods

Site description and data sources
The upper Vltava river catchment (12,968 km 2 , mean elevation of 579 m) stretches from the border mountain range of the Bohemian Forest between the Czech Republic, Austria, and Germany (maximum elevation of 1,378 m) to the Slapy Reservoir (elevation of 271 m), situated *40 km south (and upstream) of Prague (Fig. 1) . The Slapy Reservoir was built in 1954 in a canyon-type valley; it is 44 km long, 55 m deep (maximum), and its mean water residence time is *30 days. The bedrock of the catchment is mostly formed by gneiss, mica-schist, and granite. Soils are dominated by cambisol (67 %), stagnosol (13 %), and podzol (10 %), with a depth usually \1 m in steep mountain areas and [1 m elsewhere (Kozák 2009 ). Land cover characteristics in the upper Vltava catchment were determined from the land cover database of the Czech Republic (ZABAGED, www.cuzk.cz) and the LANDSAT 7 ETM? satellite images (on the territory of Austria and Germany). Using a digital terrain model, the catchment was divided into three subregions differing in elevation: \600, 600-900, and [900 m (Table 1) . For more details see the Supplementary Information (SI, Part SI-1). At present, farmland, forests (consisting [80 % of Norway spruce plantations), surface waters and urban areas represent 52 %, 42 %, 3 %, and 3 % of the catchment, respectively, but their relative proportions to the subregions differ, from a farmland dominance (60 %) below the elevation of 600 m to a forest dominance (88 %) at elevations [900 m (Table 1) . Between 1959 and 2010, the forest proportion of the total catchment area increased from 38 to 42 %, whereas farmland decreased from 57 to 52 %. This change occurred mostly due to natural reforestation of abandoned pastures and meadows. In addition, *330 km 2 of arable land was converted (mostly) to pastures in the 1990s (Fig. 2a) . The area of surface waters in the study catchment increased from 370 to 460 km 2 and their volume almost tripled from 0.57 to 1.66 km 3 between 1959 and 2010 ( Fig. 2b ) due to the construction and filling of seven reservoirs (Table SI-1) . The Vltava catchment includes most of the area of the administrative South Bohemian District ( Fig. 1 ; area of 11,347 km 2 ), with available annual statistical data on land use, agricultural activities (production of major products, livestock numbers, application of synthetic fertilizers, and drainage of farmland), population, and development of sanitary systems (waste water production and treatment). Consequently, statistical variables like fertilization rates and livestock numbers, percent drainage of farmland, contribution of arable land and pastures to the total farmland area, and trends in the development of sanitary systems were directly applied to the study catchment. Kusková et al. 2008 ). Prices of agricultural inputs (man-power, engines, fuel, fertilizers, etc.) and products were planned, stateguaranteed, and largely independent of the international market. Increasing consumption of synthetic fertilizers and the drainage of waterlogged soils contributed to an elevated production of almost all agricultural products during 1950-1990 ( Fig. SI-2 ). In the early 1990s, the increase in agricultural production ceased (and even reversed) as a result of political and socio-economic changes. The shift from a planned back to a market economy resulted in a temporary recession and a massive restructuring of the economy in 1989 -1993 (Š časný et al. 2003 Kusková et al. 2008) . Farm incomes rapidly decreased due to dramatically increasing prices of agricultural inputs (energy, fertilizers, labour, etc.), approaching those on the international market, without a proportional increase in prices (or subsidies) of agricultural products. This situation resulted in a decline in the domestic agricultural production ( Fig. SI-2 ). Some agricultural land (especially grasslands) was abandoned and arable land at high elevations was changed to pastures (Fig. 2a) . The most pronounced reduction occurred in the production of cattle and pigs ( Fig. SI-3 ), and consequently of fodder ( Fig. SI-2 ). The centrally planned agricultural practices in the Czech Republic had two undesired effects on soil N losses: uneconomic application of synthetic fertilizers and too excessive drainage of agricultural land. (1) Fertilizers were usually applied in as small as possible numbers of doses, and sometimes also in autumn or even in winter on the frozen soil in 1959 -1990 (Procházková and Brink 1991 . After the increase in prices of synthetic fertilizers, their consumption abruptly declined in the early 1990s (Fig. 3a) . Interestingly, per hectare yields of agricultural products did not decline (Fig. SI-2D ) due to a more efficient use of fertilizers. (2) At least 25 % of all draining of agricultural land was carried out needlessly in the Czech Republic (data by Ministry of Agriculture of the Czech Republic). Most of the drainage was done using intensive subsurface (0.8-1.5 m below soil surface) draining systems, with no water level control and an average lifetime of 40-50 years (Kulhavý et al. 2007 ). At present, these drainage systems continuously lose capacity due to the breaking of tubes or their clogging with roots and silt. But, they still are able to drain the fields to some extent, causing soil overdrainage during dry periods compared to the natural conditions or controlled drainage, as observed elsewhere (Doty et al. 1986) . The above changes affected N loading of agricultural land in the upper Vltava catchment. The average application rate of synthetic N fertilizers increased from *15 kg ha -1 year -1 (on an agricultural area basis) in 1959 to 98-100 kg ha -1 year -1 in the 1980s, and sharply decreased to 43 kg ha -1 year -1 in 1989-1993 (Fig. 3a) . Livestock production slowly increased between 1959 and the late 1980s, but dramatically decreased by 49 % (cattle), 62 % (pigs) and 11 % (poultry) during 1990-2010. Moreover, the proportion of dairy cows in the cattle numbers decreased and *40 % of cattle (0.1 million heads) were reared outdoors in the late 2000s, while almost all cattle were kept indoors prior to 1989. These changes affected the production and application of organic fertilizers (Fig. 3a) and biological fixation of N 2 (Fig. 3a) , associated with fodder production (for details see SI, Part SI-3). In addition, the N cycling in farmland was also affected by soil draining. The proportion of drained agricultural land rapidly increased in the upper Vltava catchment from *4 % in 1960 to 43 % in 1990; then the installation of drains declined and ceased in 1994 (Fig. 3b) . This change reduced water residence times in soils, increased soil aeration and the mineralization of soil organic N pools, and decreased denitrification (Vagstad et al. 1997; Doležal and Kvítek 2004) . Chemical data were measured at the Slapy Reservoir and at 11 forested sub-catchments in the upper Vltava catchment or in its surroundings, varying in elevation from 487 to 1,090 m ( Fig. SI-1 ; Table SI-5). The Slapy Reservoir was sampled at regular 3-week intervals from the 0.5 m deep surface layer above the maximum depth from 1959 to 2010. N export from forested catchments was measured at three lakes situated in the Bohemian Forest and at eight first-or second-order streams within or close to the study catchment. The lakes were sampled irregularly between the 1930s and 1984, then regularly at 2-week to 4-month intervals. The streams were sampled at 3-week intervals during several years in the 2000s (Table SI- NH 4 ? (spectrophotometry) were determined by two and three different methods, respectively, during the study period, but these methods gave similar results and their comparability was established by parallel analyses for at least 1 year. Concentrations of NO 2 -(spectrophotometry) and TON (the difference between the Kjeldahl N and NH 4 -N) have been determined by the same methods throughout the study period. The concentration of Nr was defined as the sum of inorganic N forms (Nr = NO 3 -N ? NO 2 -N ? NH 4 -N), with detection limits of 2, 1, and 5 lg l -1 for NO 3 -N, NO 2 -N, and NH 4 -N, respectively. TN was defined as the sum of Nr and TON, with a detection limit of *25 lg l -1 for TON. For more details on analytical methods see SI (Part SI-4). Annual average N concentrations were calculated as discharge-weighted mean (DWM) on a monthly basis. Monthly average N concentrations were arithmetical averages of the 3-week data in the respective month. When the N concentrations were below their detection limits, half of these limits were used in subsequent data evaluations.
Data on annual average NO 3 -N concentration in streams draining agricultural land in the study catchment and its vicinity are from Novotny (2011) and databases of the Vltava River Basin Authority. We used data on the Ž elivka river , Zví-kovský stream (1991 -2009 ), Velešínský stream (2003 -2010 , and Besednický and Dobechovský streams (2008) (2009) (2010) , with agricultural land comprising 60 %, 80 %, 70 %, 96 %, and 99 % of their catchment areas, respectively.
Mass balance
The total annual N input (I N , g year -1 ) from external sources (diffuse and point sources, as well as atmospheric deposition) to the aquatic part of the upper Vltava catchment was estimated from the N mass balance:
) is the total annual N output from the Slapy Reservoir, DM N (g year ) is the annual change in storage of N in the reservoir, and R N (g year ) in the Slapy Reservoir. The change in N storage was calculated as the difference between the N concentration in the reservoir in January of the year of interest (n) and the previous year (n -1), multiplied by its water volume (V, m 3 ), i.e., DM N = VÁ(C n -C n-1 ). The term R N represents the sum of N losses from surface waters due to denitrification and the net burial in sediments. The internal N removal was not measured, but estimated as follows: The R N :I N ratio (r N ) represents the relative proportion of the N input, which is removed from the waters. It can be obtained from either the mass balances, provided all fluxes are known:
or from empirical relationships. We used an equation developed for both lakes and streams (i.e., surface water categories present in the study catchment), relating the N removal in surface waters to water residence time (Seitzinger et al. 2002) :
where q W (m year -1 ) is the areal water load per unit area of waters, calculated as q W = Q/A W (A W is total area of all surface waters in the catchment). The reliability of Eq. (3) for surface waters in the upper Vltava catchment was checked for nine water bodies, with available data on hydrology and in-lake NO 3 -removal (Kopáček et al. 2006; Hejzlar Unpublished data) . The relationship between the measured r N values and those computed from Eq. (3) was r N(computed ) = 1.08 9 r N(measured) , and explained 76 % of the variability in the data (SI, Fig. SI-4) .
Combining Eqs. (2) and (3) allows the calculation of the total annual N inputs to waters from external sources:
The resulting total I N equals the sum of all N exports to surface waters in the catchment, i.e., exports from agricultural land (E AL ) and forests (E FO ), which are the dominant diffuse sources, waste waters (E WW ) from sanitary systems and industry, which represent the dominant point sources, and atmospheric deposition (E AD ) onto the water surface, i.e. I N = E AL ? E FO ? E WW ? E AD . We neglected the contribution of atmospheric deposition onto urban areas directly drained to surface waters (roofs and paved roads), because their contribution to the total urban area was small. The individual E FO , E WW , E AD , and E AL fluxes were estimated as follows.
E FO
The annual E FO flux is the product of the average N concentration in the forest streams (C FO , g m -3 ) and the discharge originating from forested areas (Q FO , m 3 year -1
). Q FO was estimated as the proportion of the total Q by the following two steps: (i) We used annual catchment runoffs (q C,i , m year -1 ) measured at 39 hydrological stations (sub-catchments) i in the upper Vltava catchment from 2000 to 2009 (Table SI-3) , and calculated the time-average value for each station as the geometrical mean for this period. These average q C,i values exhibited a significant (P \ 0.001; R 2 = 0.88; n = 39) exponential relationship with areal average elevations (Z i , m) of the individual sub-catchments i within the Z-range of 510-1,140 m ( Fig. SI-5 ):
Using Eq. (5) and the area-weighted mean elevations of the three elevation sub-regions j we calculated the average runoff (q C,j , m year -1 ) for these subregions. (ii) Because the forest proportion increases with elevation of the sub-regions (Table 1) , we calculated the total discharge originating from forests in the study catchment as:
where A FO,j (m 2 ) is the forest area in the sub-region j (Table 1) . Analogously, we estimated the average proportions of the total discharge, originating from agricultural land (Q AL ). For simplicity we assumed the same q C,j values for both Q categories. The relative contributions of Q FO and Q AL to Q were 0.54 and 0.41, respectively (the remaining discharge originated from urban areas and direct precipitation onto the water). Finally, we calculated annual average values for each Q category by multiplying the annual Q y in a year y with the respective fraction (e.g., Q FO,y = 0.54ÁQ y ).
The time series of N concentrations in forest streams were reconstructed using measured and modelled N concentrations. Time series of NO 3 -concentrations prior to 1984 were based on trends reconstructed for the Bohemian Forest lakes, using the MAGIC (modelling the acidification of groundwater in catchments, Cosby et al. 1985) model with N retention linked to carbon turnover using decomposer dynamics ). Historical NO 3 -concentrations used for model calibration were taken from a literature review and their sources and reliability are described in SI (Part SI-6). The modelled lake water NO 3 -concentrations were corrected for in-lake removal by denitrification and assimilation (e.g., Kopáček et al. 2006 ; details are in Part SI-6). For the 1984-2010 period, the time series was obtained as the geometric mean of all available annual average NO 3
-concentrations measured at all forest catchments.
The time series of average TN concentrations was reconstructed analogously to nitrate, using TN concentrations. Data prior to 1998 (when only sparse measurements of TN and TON were made) were calculated as the sum of the annual average NO 3 -N concentration and the 1998-2010 average TON concentration in the Bohemian Forest streams (0.28 mg l -1 ). Concentrations of NH 4 -N and NO 2 -N were one to two orders of magnitude lower than TN and were neglected. Due to the absence of significant (P [ 0.05) relationships between elevation and concentrations of NO 3 -and TN, we used the same time series of average Nr and TN concentrations in the forest streams for all sub-regions j to calculate terrestrial TN export from forests. Then, the annual average N flux from forest areas in the upper Vltava catchment in year y was computed as E FO,y = 0.54ÁQ y ÁC FO,y .
E ww
Annual E WW fluxes were estimated on the basis of population, percent proportion of inhabitants attached to municipal sewerage systems, proportion of waste waters treated in waste water treatment plants, and the state in their technologies (mechanical purification, biological treatment, denitrification) similarly to other studies (e.g., Ryding and Rast 1989; Behrendt et al. 2000) ; details can be found in SI (Part SI-7).
E AD
Time series of annual E AD fluxes of Nr onto the water surfaces ( Fig. SI-8 ) was reconstructed using a regression model developed for the upper Vltava catchment . Atmospheric deposition of TN was calculated as the sum of Nr and average TON deposition, which was measured at three stations in the study catchment (SI, Part SI-8). We assumed that atmospheric TN input to agricultural land was on an area basis similar to E AD and neglected a contribution of dry Nr deposition onto agricultural vegetation. This simplification partly underestimated the real atmospheric TN fluxes to farmland. The average throughfall deposition of Nr in forest areas was calculated from bulk deposition fluxes of NO 3 -N and NH 4 -N and the respective dry deposition factors for these N forms . Because a large portion of TON in throughfall deposition originates from transformation of NH 4 -N and from local dust sources (Kopáček et al. 2009a (Kopáček et al. , 2011 , we did not use the measured throughfall TON fluxes, but assumed that the net input of TON to forest areas was similar to the bulk TON deposition. Consequently, the throughfall TN deposition was estimated as the sum of throughfall Nr flux plus 2.4 kg ha -1 year -1 of the average bulk TON flux ( Fig. SI-8 ).
E AL
Time series of annual E AL fluxes (i.e., N export to surface waters from agricultural land) were calculated as E AL = I N -E FO -E WW -E AD . Uncertainties of this approach are discussed below. The annual average concentration of N in the water draining from agricultural land in year y (C AL,y ) was then calculated as C AL,y = E AL,y /(0.41ÁQ y ).
Results
N concentrations
Annual DWM concentrations of TN increased steadily in the Slapy Reservoir from *1.6 mg l -1 in the early 1960s to an average value of *4 mg l -1 in 1975-1990, when they also exhibited the largest inter-annual variability (2.5-5.8 mg l -1 ), and then declined to an average value of *3 mg l -1 in 2005-2010 (Fig. 4) . (Fig. 5a ). Nr concentrations steadily increased to maxima of 1.2-1.7 mg l -1 in the early 1980s, and declined throughout the 1990s to 0.5-0.6 mg l -1 in the early 2000s, following a similar trend in atmospheric N deposition ( Fig. SI-8 ). Forest damage due to storms and bark beetle infestation resulted in elevated NO 3 -export from some forest areas in the study catchment in the 2000s (Kopáček et al. 2009b) , reversed the declining average trend in the terrestrial NO 3 -export (Fig. 5) , and caused a large spatial variability in Nr concentrations (0.1-2.8 mg l -1 , with 87-99 % contribution of NO 3 -N). Annual DWM concentrations of TON varied widely among the streams (0.11-0.96, with median of 0.28 mg l -1 ) in 1998-2010, but were relatively stable at individual sites, similarly to those in the Slapy Reservoir (Fig. 4) . Consequently, we can conclude that NO 3 -N was the dominant TN form in the forest streams throughout the study period, while TON dominated the terrestrial TN export prior to the 1950s (Fig. 5b) . -1 of TN to the surface waters in the catchment. Inter-annual variability in these fluxes is shown in SI (Fig. SI-9 ). For most of the study period, terrestrial TN export from agricultural land (2-31 Gg year -1 ) was an order of magnitude higher than TN export from forest areas and in waste waters (0.8-3.8 and 1.3-2.5 Gg year -1 , respectively), and two orders of magnitude higher than atmospheric TN sources (0.3-0.7 Gg year -1 ) (Fig. 6 ). These exports significantly increased (P \ 0.01) between 1959 and 1989, and then they either levelled off or decreased during 1990-2010. The relative contribution of individual N sources to the total loading of surface waters depended on discharge and time. The computed E AL contribution varied within 45-83 % and significantly increased with discharge (Fig. 7) . In contrast, the computed E WW and E AD contributions (5-33 and 2-7 %, respectively) decreased with discharge, being of a minor importance in wet years. The E FO contribution (6-21 %) was discharge independent (Fig. 7) . During the study period, the estimated relative contribution of the E AL to the annual TN loading significantly increased from 43-61 % in the early 1960s to *80 % in the 2000s (Fig. SI-10) .
On an areal basis, the respective TN exports varied within 3-45 kg ha -1 year -1 (with the minimum in 1959 and maximum in 1987-1988) from agricultural land, and within 1.6-7.1 kg ha -1 year -1 from forest areas (Fig. 8) . The N losses correlated positively (P \ 0.001) with the TN inputs to the agricultural land and forests, but the input fluxes explained only 28 and 44 % of the variability in N losses from the agricultural land and forests, respectively (Fig. 9) . Moreover, the N losses were more variable than the respective N inputs (Fig. 8) , because the percent N loss from both diffuse sources increased with discharge, and exhibited a significantly increasing trend with time in the case of E AL (Fig. 10) . Consequently, the respective E AL and E FO fluxes of TN were 5-32 and 10-42 % of the TN inputs to the agricultural land and forests, with long-term averages of 15 and 19 %, respectively.
Discussion
Uncertainty of the results
Our model for estimating the export of N from diffuse forest and agricultural sources is based on both directly measured data and calculated fluxes. Consequently, the data sources entail different degrees of uncertainty. The largest uncertainty was associated with the E AL fluxes, which were calculated from the mass budget as the difference between estimated N inputs to surface waters and the sum of reconstructed N exports from other sources. Hence, the uncertainty in the E AL integrates uncertainties of all individual fluxes used in this study as follows.
(1) The total annual N input from external sources was calculated from Eq. (4), using measured TN fluxes in the Slapy Reservoir and an empirical equation for internal N removal in surface waters, developed for lakes and streams (Seitzinger et al. 2002) . Previous studies showed that the samples taken from the reservoir surface reasonably represented concentrations of N compounds along its whole water column (Procházková and Blažka 1986) . The calculated annual output (O N ) fluxes were thus affected by the common uncertainties associated with laboratory analytical methods and discharge measurements. The internal N removal was estimated according to Seitzinger et al. (2002) on the basis of areal water load per unit area of waters (Eq. (4)). The q W values varied between 2.6 and 9.1 (average 4.9) m year -1 during the study period. In this q W range, Eq. (3) resulted in r N values similar to those measured directly in the study catchment ( Fig. SI-4 Kopáček et al. 2006) , and are also similar to a value of 5 m year -1 recommended as default for the widely used first-order acidity balance (FAB) model . The r N values obtained by both Eq. (3) and the FAB model were similar for the study catchment, with average (±standard deviation) values of 0.46 ± 0.05 and 0.46 ± 0.07, respectively, for the 1959-2010 period, and a paired two-sample Student's t test showed that these data were equal at a significance level of 0.05. Consequently, we assume that N removal in waters (and the resulting I N flux) calculated in this study entails similar uncertainties as other mass budget studies based on the FAB model (e.g., Posch et al. 2012) . (2) We estimated the proportions of the total discharge Q originating in forest, agricultural land, urban area, and surface waters using a hydrological model (Eqs. (5) and (6) for model calibration) with the calculated discharge (i.e., the sum of discharges originating from individual sub-regions). The respective average discharges were similar, i.e., 92.0 and 93.5 m 3 s -1 for the measured values at the Slapy Reservoir and the results of hydrological model. The proportions of forest and agricultural discharge to the total Q for individual years varied within relatively narrow ranges of 50-58 and 37-45 %, respectively, despite a large discharge variability in [2000] [2001] [2002] [2003] [2004] [2005] [2006] [2007] [2008] [2009] . Since the small changes in proportions of forest and agricultural land can be neglected (Fig. 2) and the hydrologic conditions during 2000-2009 were representative for the whole study period (with respective Q ranges of 69-189 and 45-189 m 3 s -1 ; Table SI-4) we applied the calculated average proportions of Q FO and Q AL of the total Q (54 and 41 %, respectively) to the whole study period. (3) Long-term trends in Nr and TN deposition (E AD ) and concentrations in forest streams (C FO ) are based on measured and modelled data, and uncertainties associated with the used models are discussed elsewhere Oulehle et al. 2012 ). The MAGIC model was calibrated for data measured in the uppermost sub-region. The resulting C FO concentrations prior to 1998 may thus overestimate the NO 3 -N concentrations in the lower-elevation forests. The high-elevation areas received higher N deposition ) and probably started to leach NO 3 -earlier than the lowerelevation forests. Another uncertainty in the average C FO concentrations resulted from the large variability in NO 3 -N leaching from disturbed versus undisturbed forests, as observed in the 2000s (Fig. 5) , when forest damage caused by storms and bark beetle outbreaks occurred in some areas. Forest clear-cutting and natural damage are accompanied by elevated NO 3 -N losses for 5-8 years (e.g., Huber 2005 , McHale et al. 2007 ). This means that the 'real' N leaching from individual forest areas in the catchment could deviate from the C FO time series used in this study (Fig. 5) . The uncertainty in the E FO flux is thus relatively high. However, the influence of the E FO uncertainty on the uncertainty in the E AL values is almost negligible, because the E FO fluxes are an order of magnitude lower than the E AL fluxes (Fig. 6 ). (4) The uncertainty in E WW fluxes is similar to other studies (Behrendt et al. 2000; Kronvang et al. 2008) and reflects the general uncertainty in the statistical data on the proportion of inhabitants attached to municipal sewerage systems, data on the efficiency of waste water treatment plants, and the reliability of the respective per capita N emission coefficients. This study used the widely accepted N emission coefficients (Ryding and Rast 1989; Behrendt et al. 2000) , which were further optimized on the basis of measured N concentrations in the waste waters and waste water treatment plants in the study catchment (SI, Part SI-7). Moreover, the E WW fluxes were an order of magnitude lower than the E AL fluxes (Fig. 6 ) and their potential errors would have only negligible effect on the E AL values.
Reliability of the modelled N export from agricultural land
The reliability of the calculated F AL fluxes can be verified either indirectly by comparing these results with some agricultural N leaching models or directly by comparing Nr concentrations with the published NO 3 -N concentrations in outlets from smaller agricultural catchments situated in the upper Vltava catchment. Most of N leaching models are based on hydrology, N fertilizing rate or net anthropogenic N inputs to agricultural land, and soil properties (e.g., Kronvang et al. 2008; Wade et al. 2008; Howarth et al. 2011) . The modelled results are usually closely related to the N inputs, but the relationship between F AL fluxes and N inputs to agricultural land was weak for the study catchment (Fig. 9a) and increased during the study period (Fig. 10c) . Any explanation of these patterns would have to include land use changes and drainage operations (see the next section), which are not commonly implemented in available models. Consequently, we directly compared the modelled C AL values of Nr to NO 3 -N concentrations measured in five outlets from agricultural land. On the basis of NO 3 -N dominance in the Nr pool (Fig. 4) , we assumed (for the purpose of this comparison) that the modelled Nr concentration were equal to NO 3 -N concentrations. The NO 3 -N concentrations in outlets from other agricultural areas were estimated from their stream water concentrations (C Stream ) and percent proportion of agricultural land (%AL) in the total catchment areas as C AL = 100 9 C Stream /(%AL). This simplified estimate was possible because agricultural land dominated these catchments (60-99 %) and contribution of other N sources was low (*10 %) and almost equal to N removal in surface waters in the Ž elivka river and Zvíkovský stream, and negligible in catchments of Velešínský, Besednický, and Dobechovský streams (Novotny 2011; Hejzlar Unpublished data) . The modelled annual average C AL of NO 3 -N in the upper Vltava catchment increased from 0.5-2.4 mg l -1 in the early 1960s to 4.6-18 mg l -1 in the 1980s and then stabilized at 4.5-11 mg l -1 in the 2000s (Fig. 11) . Similar trends and values of NO 3 -N concentration in outlets from agricultural land occurred also in other agricultural catchments (Fig. 11) . Moreover, Kronvang et al. (2008) reported average (±standard deviation) NO 3 -N concentration of 8.6 ± 3.6 mg l -1 in 26 European catchments with proportion of agricultural land [80 % in 1989-1998 . Our values calculated for the same period and 100 % proportion of agricultural land were only *23 % higher (11.1 ± 3.1 mg l -1 ; Fig. 11 ) than that average. Similarly, annual average NO 3 -N concentrations (observed in small agricultural sub-catchments in the nearby Ž elivka river catchment) varied within 5-20 mg l -1 in 1992-2001 (Hejzlar et al. 1996; Doležal and Kvítek 2004; Kvítek et al. 2009 ) and our C AL of NO 3 -N ranged from 5 to 18 mg l -1 . Consequently, we assume that our mass budget model reliably reconstructed the F AL fluxes and provided reliable C AL values.
Similarities and differences in forest and agricultural diffuse sources of N The N export from diffuse forest and agricultural sources exhibited several similar patterns. Both E AL and E FO fluxes were dominated by NO 3 -N, were positively related to N inputs (Fig. 9) , and had similar inter-annual variability (Fig. 8) . The percent N losses from both diffuse sources increased with increasing discharge (Fig. 10) and varied in similar ranges. The N losses from forests were, however, stable throughout the study period (19 % on average), while those from agricultural land increased continuously from *10 % in the early 1960s to 8-32 % in the 2000s (Fig. 10c) .
The reason for this difference was that forest ecosystems did not undergo such pronounced land use and management changes as agricultural land. NO 3 -N leaching from both ecosystems increases with N input and decreases with water residence time in the soil, and is higher in catchments with low pools of soil organic C and low soil C:N ratios (Dise and Wright 1995; Gundersen et al. 1998; Meisinger and Delgado 2002; Evans et al. 2006) . While hydrology, C pools and C:N ratios of forest soils remained more or less stable during the study period, all these parameters changed in agricultural soils. The extensive drainage and tillage of originally waterlogged fields and pastures (Fig. 3b) considerably reduced water residence times in agricultural land and led to mineralization of soil organic matter (Doležal and Kvítek 2004; Randall and Goss 2008) . Historical records on concentrations of soil organic C are not available for the study catchment, however, we can deduce a probable decline in soil C concentrations there from parallels with tilled fields elsewhere (Bot and Benites 2005) -available for leaching. Lower concentrations of organic C and reduced water residence times in the drained fields reduced the potential for N utilization by plants and microbes, and increased total NO 3 -losses. The increasing percent N losses from agricultural land (Fig. 10c) thus probably reflected elevated mobilization of internal soil N pools, and the relationship between terrestrial N import and export became less pronounced for agricultural land than for forests (Fig. 9) .
In contrast to the large variability in NO 3 -N, TON concentrations and fluxes were stable in both the Slapy Reservoir (Fig. 4 ) and forest sites (Kopáček et al. 2006 , Unpublished data) despite large changes in N inputs to these ecosystems (Fig. 8) . The average (±standard deviation) TON export from agricultural land and forest areas was 3.7 ± 1.2 and 0.9 ± 0.4 kg ha , respectively. The relatively low average TON export from forest areas was a result of low runoff at low elevations (Fig. SI-5 ), but was *four times higher (3.7 ± 1.1 kg ha -1 year -1 ) at elevations [900 m (Kopáček et al. 2006) . The TON exports from the forest areas were within the ranges reported for other forest regions (0.2-3.5 kg ha -1 year -1 ) exposed to widely varying Nr depositions in temperate South American forests (Perakis and Hedin 2002) , mixed forest in the White Mountains (USA) (Goodale et al. 2000) , and European coniferous forests at the NITREX sites (Gundersen et al. 1998) .
Implications for surface water pollution by N Municipal waste waters contributed *0.4 mg l -1 to the TN concentrations at the outlet of the upper Vltava catchment in the early 1960s. With the increasing number of inhabitants attached to sewerage systems, the E WW flux continuously increased until the mid 1980s (Fig. 6) . Depending on discharge, waste water contributed *0.4-0.7 mg l -1 to the TN concentrations in the 1980s. The increasing proportion of treated wasted waters and their denitrification in large waste water treatment plants resulted in decreasing E WW fluxes between 1990 and 2005, and the waste water , provided all inhabitants would be connected to sanitary systems equipped with waste water treatment plants and current denitrification technologies.
N losses from diffuse forest sources were of similar importance as waste waters throughout the study period (Fig. 6) , contributing 11 % to the TN concentrations at the catchment outlet in the 2000s. Forest damage in the uppermost sub-region in the 2000s reversed the declining trend in N export from forest areas in the study catchment, which had reflected ecosystem recovery from atmospheric N deposition (Kopáček et al. 2009b ). This event, however, had only a limited effect on N export from the study catchment. Even if the forests were damaged or harvested in the whole catchment and the C FO concentrations of Nr reached *3 mg l -1 (the maximum value observed in the affected sub-catchments; Fig. 5 and Kopáček Unpublished data) in outlets from all forest areas, it would temporally increase TN concentrations by only *0.8 mg l -1 at the outlet from the study catchment.
The contribution of direct atmospheric deposition onto surface waters to the N concentrations is and will remain negligible (*0.1 mg l -1 ) for all anticipated scenarios of future European Nr emissions (Schöpp et al. 2003) .
Nitrate leaching from agricultural land is the major source of N export from the upper Vltava catchment (Fig. 6 ), similarly to other large European catchments (Kronvang et al. 2008) . Agricultural land contributed 3.1 and 2.4 mg l -1 on average to the TN concentrations at the catchment outlet in the 1980 and 2000s, respectively. These values were relatively low compared to those in the direct runoff from agricultural land due to high (46 % on average) Nr removal in large surface waters. The N concentration in direct runoff from agricultural land exceeded the limit required for NO 3 -N (5.6 mg l -1 ) by the Nitrates Directive (91/676/ EEC) since the 1970s (Fig. 11) and remained high despite the *40 % reduction in N inputs (Fig. 8a) . The decline in N export from agricultural land was thus relatively lower than the decline in N inputs (fertilisers). The most probable reason for this mismatch is a continuing mineralization of soil organic N pools in the drained arable areas. Kvítek et al. (2009) have shown that the conversion of arable land to grassland was an effective measure rapidly reducing Nr export from agricultural land in the study catchment. Such a conversion reduces soil aeration and, consequently, mineralization of soil organic N, and increases soil organic C concentrations, which supports Nr immobilization in soils. The most effective investments to reduce Nr leaching from the upper Vltava catchment would thus be (i) measures to reduce aeration of arable soils (conservation tillage and the reconstruction of old drainage systems to water table management systems), (ii) increasing organic C pools in soils (soil organic matter management), and (iii) best management practices (crop selection, time of planting and harvesting, nutrient management plans, pest control, and intensification of crop rotations) as observed elsewhere (e.g., Vagstad et al. 1997; Doležal and Kvítek 2004; Meisinger and Delgado 2002; Delgado and Shaffer 2008; Randall and Goss 2008) .
The pronounced decline in agricultural production occurring in the Czech Republic and other similarly developed European countries has not been able to sufficiently reduce N export from agricultural land over the last two decades. Our analysis clearly demonstrates that management actions to decrease N export from arable land remain the key for reducing future N export from catchments in this area.
